Substrates from four-and-a-half year old constructed wetlands built to treat wastewater from an active metal mine were analysed for elevated metal and sulphur concentrations by chemical sequential extractions and X-ray diffraction analyses. Amounts of Fe, Pb, Zn and S were quantified in substrates from the first cells of multi-celled (in-series) treatment wetland systems at three different depths. The analyses showed that the majority of metals removed from the wastewater were retained in residual immobile forms in the upper 0 Á/5cm of the waterlogged anaerobic substrates. Although substantial concentrations of metals and sulphur were retained in the substrates, the amounts were generally not sufficient to allow accurate mineralogical identification by X-ray diffraction. Classification of the sediments using X-ray techniques was further confounded by the highly organic nature of the wetland substrates. These results suggest that chemical analyses of wetland substrates may still provide a clearer interpretation of metal accumulation over time, especially in wastewaters characterised by relatively low metal concentrations flowing through organically rich substrates. While X-ray diffraction can provide useful interpretation of sediment crystallography and mineralogy, there are limitations in using this technology to characterise young wetland substrates.
INTRODUCTION
Passive treatment technologies are categorised as those that operate principally on naturally occurring integrated and interdependent biogeochemical processes (Younger et al. 2002) . They are characteristically operated by solar and microbial processes as vegetation (through photosynthesis), and microbes (e.g. bacterial sulphate reduction) help convert reactive wastes into non-reactive forms. Constructed (or treatment) wetlands are a type of passive treatment technology that can assist society in the management of its wastewater by relatively 'natural' means. Other passive treatment designs that assist in wastewater management include swales, which provide for runoff infiltration; stabilisation (detention) ponds, which promote gravity-driven precipitation; oxidation ponds, in which algae provide oxygen through photosynthesis; and permeable reactive barriers, which promote in-situ biochemical treatment of contaminated groundwater.
Constructed wetlands have been employed in treating wastewater for the removal of biological material (e.g. nutrients) (Hammer 1989; Moshiri 1993; Kadlec and Alvord 1989; Vymazal et al. 1999; Mitsch and Gosselink 2000) and nonbiological wastes, such as metals (Hedin et al. 1994; Gusek and Wildeman 2002; Younger et al. 2002) for a number of years. They can provide an efficient facility for treating wastewater, while simultaneously offering ancillary benefits such as ecological niches (DeBusk et al. 1996; Horstman et al. 1998; O'Sullivan et al. 2003) . They can be of educational, recreational and spiritual value. Constructed wetlands were originally prescribed as simple oxidation ponds in which emergent and floating aquatic vegetation were planted (Tchobanoglous 1993) . Most systems were designed for a plug flow scenario, where little attention was given to elucidating the 'black box' phenomena responsible for removal of the contaminants. As a result, numerous systems failed to meet the treatment efficacy expected, particularly for biological wastewater (Tchobanoglous 1993) . In the past 25 years, technological designs for passively treating metal mine wastes using engineered wetlands evolved in complexity as researchers understood the biogeochemical processes behind the treatment (Gusek and Wildeman 2002) . The development of constructed wetlands for mining wastewater treatment has been recognised as an economically feasible, ecologically acceptable treatment technology in recent decades (Hammer 1989; Kadlec and Alvord 1989; Gusek and Wildeman 2002; Younger et al. 2002) . The concept that wetland ecosystems can serve as a sink for human-generated wastes has been referred to as a 'forged partnership' between nature and human activity (Mitsch and Gosselink 2000) .
Although treatment wetlands have been documented in extensive detail, little work has been reported on the fate of the contaminants removed from the wastewater in the long-term (Faulkner and Richardson 1989; Baker et al. 1991; Beining and Otte 1996; Wood and Shelley 1999; Athay et al. 2003) . While vegetation (through annual dieback) is crucial for renewing carbon supplies to sustain microbial activity in these systems, most of the metals and sulphur are retained in the substrates (Machemer et al. 1993; Wood and Shelley 1999; Mays and Edwards 2001) rather than absorbed by vegetation. It is important to know the speciation of contaminants retained in substrates of treatment wetlands because some forms, such as metal sulphides, are immobile and thus considered relatively unavailable to biota (Debusk et al. 1996; Wood and Shelley 1999; Chartier et al . 2001) . As many constructed wetland systems attract a diverse biological community, it is essential to facilitate contaminant removal without placing biota at risk.
We performed chemical sequential extraction (SE) and X-ray diffraction (XRD) analyses on wetland substrates, sampled at varying depths, from four-and-a-half year old treatment systems. These analyses aimed to characterise metal and sulphur forms that accumulated over time. The SE analyses can provide information about the various chemical forms and their mobility (i.e. watersoluble, exchangeable, carbonate-bound, organic matter-bound and residual fractions), and this technique has been frequently reported elsewhere (Tessier et al. 1979; Carapeto and Purchase 2000) . The XRD analyses can provide additional information about the relative abundance of each mineral identifiable in the substrates. The XRD process involves characterising crystalline materials in sediments by examining the patterns that occur when X-rays of a known wavelength act upon the randomly oriented powder derived from the sediment. The XRD pattern produced is essentially a fingerprint of the compounds in a sediment sample. Extensive detail on this procedure is reported elsewhere Warren 1990) . The Bragg Equation is used to decipher the crystalline peaks. It can be defined as nl 0/2d sin(U), where l 0/the wavelength of the Cu (1.54 angstroms) tube, n 0/1, d is the distance between crystal lattices and U is the angle through which data points are collected and interpreted between 3Á/70 degrees).
Substrates of the treatment wetlands referred to in this study remained net-reducing shortly (three months) after flooding and were usually highly reduced ( (/300mV) as determined by monthly redox potential measurements (O'Sullivan 2001) . Four genera of sulphatereducing bacteria isolated from these anaerobic substrates were indicative of active biological sulphate reduction (O'Sullivan et al . 2003) . Sulphate can serve as an electron acceptor in microbial respiration under anoxic conditions. Because the wastewater had high sulphate levels (c. 9.4mM l (1 ) while the substrate contained substantial carbon supplies (for microbial action), reduced conditions (promoted initially by water logging) would be conducive to sulphate reduction. Because metal cations such as zinc and lead can bind with sulphide anions under such conditions, metal sulphides could form, and thus zinc, lead, iron and sulphate would be removed from the wastewater.
It was expected that the form of metals retained in the substrates would be relatively immobile due to these reduced (and circumneutral) substrate conditions. It was also hypothesised that greater metal concentrations would be found in the upper substrate layers as metals do not typically migrate to deeper levels (Miller et al . 1983; Debusk et al. 1996; Chagué-Goff and Rosen 2001) .
MATERIALS AND METHODS
Two similar multicelled surface flow treatment wetland systems (each with an area of 36m 2 ) were constructed on-site at Tara Mines (OutokumpuZinc), Ireland. The two systems are referred to as system 1 (W1) and system 2 (W2). The only difference between systems was the quality of mine wastewater entering them, so that system 2 typically received greater zinc and lead 2001) . Flow rates were regulated at 1.5 l min
(1 for both systems, while the theoretical residence time was calculated in excess of 30 days. Each system comprised an inflow cell, a vegetated wetland cell and an outflow cell in series. Each cell had a c. 50cm substrate base consisting of a mix of spent mushroom compost and fine gravel and had a hydraulic head of c. 25cm. Design specifications have been reported in detail elsewhere (O'Sullivan et al. 2000; O'Sullivan et al. 2004a) . The treatment strategy behind the constructed wetlands design was to promote some slow flow over the surface (facilitating suspended solids precipitation) while providing some subsurface flow through the substrate (maximising substrate contact time) to facilitate biological sulphate reduction.
Substrates were sampled in the inflow cells of both constructed wetlands in 2002 at depth intervals of 0 Á/5cm, 5 Á/10cm and 10 Á/15cm below the flooded surface. A 2m-long PVC corer (5cm diameter) was employed in each instance. Immediately upon sampling, extracted cores were fractionated into increments of 5cm and all samples were kept frozen until analysis. The sampling procedure is documented in O' Sullivan et al. (2004b) .
Samples for chemical sequential extraction analyses were analysed for various exchangeable and bound forms after following the extraction procedures described by Tessier et al. (1979) , Wijte (1993), and Carapeto and Purchase (2000) . Each sequential analysis involved subjecting samples to a digestion regime using a specific degrading solution and temperature. Metals were analysed by atomic absorption spectrophotometry (AAS) using a Unicam 929 AAS, which supported SOLAAR ATI software (version 5.25). All metal and sulphur extraction procedures are documented in O' Sullivan et al. (2004b) . Sulphur in the substrates was collected as acid volatile sulphide (AVS), using a digestion and volatilisation technique following Allen et al. (1993) and subsequently quantified colorimetrically after Cline (1969) .
For the XRD analyses, dried sediment samples were finely ground using a mortar and pestle and smeared onto a glass slide in a paste using pure alcohol. Dried mounted samples were analysed using a Rigaku automated wide-angle X-ray diffractometer coupled to a copper anode (40kV/ 30mV) and a graphite monochromometer. Data were analysed with Jade Software (version 3.1) and identified using the ICDD Á/PDF (International Centre for Diffraction Data */Powder Diffraction File). Dunbabin et al. (1988) found that a greater retention time in microcosm wetlands contributed to greater metal retention, and they attributed this to a greater contact time with the substrate. Moreover, actual concentrations entering subsequent cells along the path of treatment were therefore lower. Other researchers have found that metal concentrations, of lead in particular, are greater in constructed wetland sediments closest to the inflow source (Debusk et al. 1996) . The same researchers also found that the upper sediments consistently had higher concentrations of lead compared to deeper sediments. Since metal contamination in soils is a cumulative process, the higher lead concentrations in the inflow cell substrates were attributed to greater lead concentrations in the receiving water in those cells over time (O'Sullivan et al . 2004b ). Miller et al . (1983) also found that greater lead loadings in such systems resulted in greater lead retention in the substrates and noticed preferential lead retention compared to zinc. Debusk et al. (1996) initially noticed gradual increases in sediment Pb concentrations in the top 0 Á/5cm profile, followed by a sharp increase in concentrations over time. They attributed this observation to sediment 'maturation' (i.e. progressively reducing conditions coupled with metal biogeochemical change as dynamics of metal adsorption changed to metal binding).
RESULTS AND DISCUSSION

CHEMICAL SEQUENTIAL EXTRACTIONS
The total metal concentrations (sum of all fractions) in sediments were above the background levels of 1.8mmol Zn g
(1 and 0.25mmol Pb g (1 reported in uncontaminated wetland substrates (Kadlec and Alvord 1989) , while the values for iron were much greater than background levels of 3.0mmol Fe g (1 (Fig. 1) . Concentrations of metals were far greater in the residual (e.g. sulphide-bound) forms for Zn (Figs 1a, 1b) , Pb (Figs 1c, 1d) and Fe ( Figs  1e, 1f ) , while concentrations in the other sediment fractions were all low (below background levels). These data show that metals and sulphide removed from solution were safely immobilised in the substrates and were probably unavailable for biological uptake in these systems. Debusk et al . (1996) found that lead (and cadmium) were predominantly retained in wetland sediments as metal sulphides and deduced that metal bioavailability and toxicity were consequently limited. They observed no adverse effects on Gambusia fish reproduction or cattail (Typha ) and duckweed (Lemna) biomass production in their experiments in constructed wetlands subjected to metal-laden water. We attributed contaminant removal in our systems to the prevailing alkaline pH, reducing substrate conditions and carbon and sulphate availability, which facilitated metal sulphide formation over time (Machemer and Wildeman 1992; Machemer et al. 1993 ). This corroborates with other studies that found that sediment processes govern metal recycling in sediments of similar wetland systems (Debusk et al . 1996; Chartier et al. 2001) .
Residual (Res) concentrations of Zn (Figs 1a, 1b) and Pb (Figs 1c, 1d) were usually lower, with increasing depth in both treatment systems. This may be due to the fact that heavy metals are not very mobile and so were predominantly retained in the upper sediment layers. These findings are in accordance with other studies (Miller et al. 1983; Sidle et al. 1991; Chagué-Goff and Rosen 2001) . For residual Fe (Figs 1e, 1f ) , there was some nonpatterned spatial variability between depths, which is expected in wetland soils (Doyle and Otte 1997; Mistch and Gosselink 2000) . The chemical extraction analyses showed that under consistently reduced substrate conditions, metal and sulphides were bound predominantly as metal-sulphide complexes. These data indicate that if conditions are maintained, waterlogged and circumneutral (pH), contaminant toxicity is not likely as metals are retained in substrates, and biota are not as exposed to these substrates compared with water. It should be noted that, in the systems described here, a relatively long hydraulic retention time (HRT) of c. 30 days contributed to maintaining anaerobic conditions and to achieving successful contaminant removal.
X-RAY DIFFRACTION ANALYSES
The same substrates sampled for chemical sequential extractions were analysed for mineral content by XRD. The predominant sediment minerals observed at all depths, as indicated by their identifying peaks, were quartz (SiO 2 ; d0/3.34), calcite (CaCO 3 ; d0/3.03), albite (NaAlSiO 8 ; d0/ 3.21) and chlorite ((Mg 5 Al)(SiAl)O 10 (OH) 2 ); d0/ 14.2) (see Fig. 2 ). Other (minor) peaks on the X-rays are secondary peaks associated with each mineral. The main minerals are derived from the grit component of the substrate mix used during the construction of the treatment systems in 1997, which was relatively inert, as determined from chemical analyses conducted prior to construction (O'Sullivan 2001) . No detectible quantities of galena (PbS), sphlaerite (ZnS), pyrite (FeS 2 ), marcasite (FeS), cerrusite (PbCO 3 ), siderite (FeCO 3 ) or hydrozincite (Zn 5 (OH) 6 (CO 3 ) 2 ) could be identified in the sediments, although these minerals might be expected in such substrates over a longer period of metal accumulation (Younger et al. 2002) . However, hematite (Fe 2 O 3 ) (d0/2.69) was suspected in the sediments of both treatment systems at a variety of depths (Fig.  2) . Hematite is a major iron ore mineral that usually forms after iron consolidation of many years (Younger et al. 2002) . Some researchers report that amorphous iron materials, which result from iron-precipitation in water at low temperatures, can convert to goethite, the precursor to hematite. Hedin (2002) characterised iron sludge from a treatment wetland receiving iron-laden coal mine drainage as predominantly goethite (FeOOH). Younger et al. (2002) reported that under circumneutral conditions in such wetlands, a combination of X-ray amorphous iron hydroxide and goethite typically forms. It is certain that an iron hydroxide formation was characterised, but the highly amorphous nature of the substrates meant that any accurate identification of minerals was difficult, with the exception of hematite. Nonetheless, some of the iron that was removed from the wastewater was retained as a hydroxide, and this implies that some oxygenation of the substrates occurred.
It is possible that the upper 0Á/5cm of substrate contained micro-aerobic zones resulting from oxygen diffusion from the overlying inflow water. Deeper sediment samples could have become locally aerobic due to radial oxygen loss from the rhizomatous plants Typha latifolia and Phragmites australis, which is a well-documented phenomenon (Dunbabin et al. 1988; Brix and Schierup 1990; Jacob and Otte 2003) . As a result, iron oxides could have formed in these sediment layers through the oxidation and hydrolysis of ferrous iron in solution. Nonetheless, redox measurements and identification of sulphatereducing bacteria indicated that substrates were predominantly anaerobic. Doyle and Otte (1997) emphasised the importance of Fe oxide (through co-precipitation) and organic matter fractions in wetland soils as means of immobilising heavy metals, particularly in vegetated microenvironments.
The predominant minerals identified from the substrate grit (quartz, calcite, albite and chlorite) masked minor amounts of metal sulphide and iron oxide minerals that formed in these substrates. Furthermore, due to the amorphous nature of wetland substrates resulting from the high organic content, unambiguous identification of the mineral content was difficult for these systems.
ACID VOLATILE SULPHIDE (AVS)
Substrates from the inflow cells of both treatment systems were also sampled at two depths for determination of bound, yet reactive, sulphide concentrations measured as AVS (Fig. 3) . There was considerable spatial variation in AVS concentrations, ranging between 39mmol g
(1 and 272mmol g (1 . However, since background concentrations typically measure B/2mmol S 2( g (1 (Broderius and Smith 1977), a substantial amount of reduced sulphur accumulated over time in these treatment wetlands. This was attributed to high sulphate loadings in the inflow water, coupled with a high HRT and carbon availability conducive to sulphate reduction. The SE analyses showed that most sulphate ended up as bound metal sulphide, in accordance with other studies.
Sulphide:metal (S:Metal) ratios in substrates analysed at both depths, in each inflow cell, are given in Table 1 . Ratios of sulphide:metal were significantly greater than 1, with the exception of iron. This implies that toxicity is not likely, at least for zinc and lead in these substrates, which is a widely documented conclusion and is explained by the fact that available metal cations will rapidly bind to prevailing reactive sulphide anions under reduced conditions (Allen et al. 1993; Machemer et al. 1993; Debusk et al . 1996; Wood and Shelley 1999) . However, since sulphide:iron ratios were usually less than 1, this may suggest that iron toxicity could occur in these systems. Since most of the iron was actually derived from the grit component of the substrate after rigorous chemical digestion (O'Sullivan 2001) , iron is already immobilised in residual mineral form, and so toxicity is not likely.
Results from this study show that under reducing substrate conditions, such as those in similarly designed treatment wetlands with a relatively high HRT, toxic metals and sulphate can be removed from solution and retained in the substrate. The majority of the metals and sulphate removed were characterised as metal sulphides, which are not very available to biota due to their strongly bound nature. This is important as constructed wetland systems often serve as an ecological habitat for biota in addition to acting as efficient treatment facilities. Since metal sulphides are not readily bioavailable, the adoption of treatment wetlands under these conditions does not seem to pose a risk to ecological communities (defined as a set of interaction species within an ecosystem). While a combination of chemical SE and XRD analysis techniques is ideal for comprehensively characterising these substrates, there are limitations in using XRD on amorphous, organically rich wetland substrates that have a metal content of less than 5%. Most of the sediments sampled from the treatment systems had elemental (Zn or Pb) contents less than 1%, with the exception of Fe (6 Á/14%). Therefore, we recommend that XRD analyses are only feasible when substrates of treatment wetland systems receive significantly large (beyond amounts in this study) metal loadings. Additionally, it is worth considering 'refining' samples for analysis by pretreatment to remove as much organic content as possible under a high temperature regime. In conclusion, we found XRD a useful and inexpensive complementary tool for examining the mineral and chemical structure of the wetland substrates that had metamorphosed over time in this study.
